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A B S T R A C T   

To investigate the effects of converting forests into vineyards typical to Zarivar Lake watershed, Iran, which 
occurred mainly in the 1970s and 80s, on soil erosion,137Cs and 210Pbex, being mid-and-long-term soil loss 
tracers, were applied. In Chernobyl-contaminated areas like those found in some parts of Europe and Asia, the 
proportion of 137Cs Chernobyl fallout needs to be determined to convert 137Cs inventories into soil erosion rates. 
To do so, Pu radioisotopes were applied for the first time in Iran. The soil samples were gathered from two 
adjacent, almost similar hillslopes under natural forest (slope length: 250 m; slope gradient: 20%) and rainfed 
vineyard (slope length: 200 m; slope gradient: 17%). 137Cs/239+240Pu ratios indicated that 49.8 ± 10.0% of 137Cs 
originated from Chernobyl. The net soil erosion rates derived by 137Cs, and 210Pbex approaches were 5.0 ± 1.1 
and 5.9 ± 2.9 Mg ha− 1 yr− 1 in the forested hillslope, and 25.9 ± 5.7 and 32.5 ± 14.5 Mg ha− 1 yr− 1 in the 
vineyard hillslope, respectively. Both 137Cs and 210Pbex highlighted that deforestation increased soil erosion by 
around five times. Moreover, the impacts of deforestation on soil physicochemical properties were investigated 
in surface and subsurface soils. Compared to forested hillslope, soil organic carbon stock in the upper 40 cm of 
the vineyard reduced by 14 Mg C ha− 1 (29%), 8 Mg C ha− 1 of which was removed by erosion within 35 years, 
and the remaining have likely been lost via emissions (6 Mg C ha− 1). The vineyard topsoil experienced the most 
dramatic drops in percolation stability (PS), sealing index, and organic matter by about 55, 51, and 49%, 
respectively. Among all measured physicochemical properties, PS showed the greatest sensitivity to land-use 
change. Overall, the present study’s findings confirmed that deforestation for agricultural purposes triggered 
soil loss, deteriorated soil quality and possibly contributed to the reduction of the lake’s water quality and 
climate change.   

1. Introduction 

A rapidly growing population and a desire for a better standard of 
living have induced the need for intensive agricultural production in 
Iran, making the conversion from natural to cultivated lands inevitable. 
In fact, over the past 50 years, land-use changes in the country have 
occurred remarkably faster than in the previous century and are antic-
ipated to accelerate in the future (Emadodin et al., 2012). Natural forests 
have shrunk from 19 million ha (11.5% of the total area of the country) 

in the 1950s to 12.4 million ha (7.5%) in the 1990s (DEI, Department of 
environment Iran, 2003), while cultivated land has expanded by more 
than seven times, from 2.6 million ha (1.6%; Wilber, 1948) to 18.5 
million ha (11.2%; DEIDepartment of environment Iran, 2003). Mean-
while, around 2.5 million ha of Iran’s agricultural land (1.5%) was 
converted to urban areas during the last decade, threatening food se-
curity. Consequently, deforestation and the cultivation of marginal 
lands, including fragile upland ecosystems, have become more prevalent 
in the country. Generally, land-use change on steep slopes is expected to 
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influence soil erosion (Nunes et al., 2011; Zhang and Wang, 2017; 
Nabiollahi et al., 2018) and soil quality and health (Zeraatpisheh et al., 
2020; Nabiollahi et al., 2018). Thus, to entirely understand deforesta-
tion impacts, soil erosion and soil physicochemical properties, including 
aggregate stability, should be investigated. 

Fallout radionuclides (FRNs), largely Caesium-137 (137Cs), unsup-
ported Lead-210 (210Pbex), and in recent years 239+240Pu, have been 
proven helpful in quantifying time-integrated estimates of medium-term 
(137Cs and 239+240Pu ca. 50 yr) or long-term (210Pbex ca. 100 yr) soil 
redistribution rates (Meusburger et al., 2016). 137Cs (half-life 30.2 years) 
is an anthropogenic isotope produced by atmospheric testing of ther-
monuclear weapons during the 1950s and 1960s (i.e., global fallout) or 
nuclear incidents like the one occurring in Chernobyl NPP in April–May 
1986. In contrast, 210Pb (half-life of 22.3 years) is a geogenic radionu-
clide, originated from the decay of gaseous 222Rn, a daughter of 226Ra 
(Mabit et al., 2008). A fraction of 222Rn produced from the lithogenic 
sources escapes and produces 210Pb, which is then precipitated on the 
soil surface. This deposition is called “excess” or “unsupported” 210Pb 
(210Pbex), not being in equilibrium with its parent 226Ra, and thus, able 
to be exploited as a soil redistribution tracer. 

Generally, the worldwide pattern of globally derived 137Cs fallout 
indicates that inputs are ranged between 160 and 3200 Bqm− 2 (decay 
corrected to 1996) depending on latitude (UNSCEAR, 1969; Garcia 
Agudo, 1998). To estimate soil redistribution rates using 137Cs mea-
surements, additional 137Cs fallout inputs, such as the Chernobyl acci-
dent, need to be considered. To convert 137Cs inventories to soil erosion 
rates in the Chernobyl-contaminated areas, the proportion of 137Cs 
Chernobyl fallout must be determined (Meusburger et al., 2018). To 
quantify the relative proportion of Chernobyl fallout to the total 137Cs 
inventory, plutonium (Pu) radioisotopes have recently been suggested 
(Alewell et al., 2017) and applied successfully. 

The two major anthropogenic radioisotopes of Pu, i.e., 239Pu [half- 
life of 24 110 - years] and 240Pu [half-life of 6561 years], are alpha- 
emitting actinides coming from nuclear weapon tests, nuclear weapon 
manufacturing, nuclear fuel reprocessing, and nuclear power plant ac-
cidents (Ketterer and Szechenyi, 2008). Globally, it was observed that 
the Pu 1950s–60s fallout is almost identical to that of 137Cs distribution 
(Alewell et al., 2014). Nonetheless, unlike 137Cs, Pu is found in the 
non-volatile fraction of nuclear fuel debris originated from reactor in-
cidents like the one in Chernobyl. Hence, specific regions of Russia, 
Belarus, Ukraine, the Baltic countries, Poland, and Scandinavia were the 
geographic zones over which Pu Chernobyl fallout was deposited 
(Mietelski and Was, 1995). If Pu exclusively comes from global fallout, 
the ratio of Pu to Cs isotopes can reveal whether the area received 
Chernobyl 137Cs deposition (Schaub et al. (2010); Alewell et al. (2014); 
Meusburger et al., 2020). 

Conversion of natural vegetation to farmland can alter soil proper-
ties, and these changes may further enhance soil erosion. An important 
factor in soil resistance to erosion is aggregate stability (Auerswald, 
1995). Percolation Stability (PS) is a suitable method to assess aggregate 
stability (Mbagwu and Auerswald, 1999), with the advantage of being 
less labor intensive than the wet sieving method. Through rapid wetting, 
PS calculates the resistance of aggregates against slaking, thus triggering 
numerous subprocesses of erosion (Auerswald, 1995). Also, crusts 
contribute to runoff and soil erosion (Valentin and Bresson, 1997; 
Fageria et al., 2010). The crust formation is associated with low organic 
matter (OM) content and a high percentage of silt (Valentin and Bresson, 
1997). Since monitoring permeability and soil aggregate stability is 
often time-consuming and expensive, various indices were developed to 
predict soil crusting using more available data like soil texture and 
organic matter content (Udom and Kamalu, 2016). 

Despite relatively high inventories of 137Cs reported in the north of 
Iran (Vahabi-Moghaddam and Khoshbinfar, 2012; Gharibreza et al., 
2020), the origin and relative contribution of these types of fallout have 
not been established. Thus, the present study was undertaken to quantify 
the impacts of deforestation on soil loss and soil physicochemical 

properties in a Chernobyl-contaminated region typical of deforestation 
on steep slopes. The objectives of this study were (i) to estimate the 
proportion of 137Cs Chernobyl input using 239+240Pu in the study site, (ii) 
to quantify soil redistribution rates using 137Cs and 210Pbex in two 
adjacent hillslopes under different land uses, and (iii) to evaluate the 
effects of deforestation on soil loss and soil physicochemical properties. 

2. Materials and methods 

2.1. Study area 

To study the effects of deforestation on soil physicochemical prop-
erties and soil erosion rates on steep slopes, Zarivar Lake watershed, 
Kurdistan Province, northwest of Iran, was chosen. The watershed is 
located in Zagros forests, known as western oak forests, in the Zagros 
Mountains. Converting the steep hillslopes naturally under oak forest to 
rainfed vineyards has been one of the most common land-use changes in 
the area. Zarivar Lake (35◦ 33’ 15′′ N and 46◦ 7’ 25” E) is a shallow 
freshwater reservoir located 3 km northwest of Marivan city, Kurdistan 
Province, Iran (Fig. 1a). The lake drains an area of about 296.4 km2. The 
landscape in this region is characterized by mountains covered by de-
ciduous oak forests, hills extensively covered by vineyards, and plains 
used mainly for cereal cultivation. 

The average annual precipitation and air temperature are 991.2 mm 
and 12.8 ◦C, respectively (Iran Meteorological Organization). “Z3” sub- 
watershed, with a total area of about 2.97 km2 and an average altitude of 
1518 m a.s.l. (ranging from 1292 to 1876 m a.s.l.) was selected for this 
study. The parent materials in ridges are metamorphic rocks of 
complexly folded black shale and minor metamorphosed limestone and 
sandstones, while in the lowlands, they consist of Quaternary sediments, 
mainly, lacustrine deposits (Geological survey and mineral exploration 
of Iran). According to soil taxonomy, the soils of the watershed are 
categorized as Typic Haploxeralfs and Typic Haploxerepts (Soil Taxon-
omy, 2014). 

Two adjacent hillslopes with different land uses were selected to 
collect samples. One was under natural forest (slope gradient: 20%; 
slope length: 250 m; exposure: East), whereas the other was deforested 
in 1981 and converted to a rainfed vineyard (slope gradient: 17%; slope 
length: 200 m; exposure: East). The hillslopes were selected having 
almost similar slope gradients, length, and exposures (Fig. 1a). The 
forest is an open forest type, and understory plants typically present a 
high degree of cover (up to 100%), while in the vineyard, the soil be-
tween the vines is bare. 

2.2. Soil redistribution rates using FRNs 

2.2.1. Soil sampling design 
FRNs as soil erosion tracers are used by comparing their inventories 

in sites affected by soil redistribution processes with their baseline in-
ventory at a reference site (Mabit et al., 2008, 2012). A crucial step that 
should be taken when using FRN techniques is to find an undisturbed 
reference site (Mabit et al., 2008, 2012). Here, a flat undisturbed site 
under perennial grass, located in relatively vast areas without trees, was 
selected. This reference site, with an elevation of 1397 m, is situated ca. 
800 m far from the study sites (Fig. 1a). The site was selected following 
the IAEA’s (2014) guidelines, suggesting an acceptable radius of around 
1 km. In the literature, there have been numerous cases with similar or 
farther distances, e.g., Mabit and Bernard (2007): 0.5 km, Mabit et al. 
(2009): 1 km radius, Abbaszadeh Afshar et al. (2010): <1 km, Lal et al. 
(2013): 20 km radius, and Alewell et al. (2014): >1 km. Eleven bulk 
samples were collected to calculate the initial inventory of FRNs at the 
reference site. For collecting samples, manual soil column cylinder au-
gers were designed and built. A sectioned core was collected at 2 cm 
increments using a scraper plate sampling device (50 cm × 20 cm) 
designed by Campbell et al. (1988). 

At the two studied hillslopes, a multi-transect sampling approach 
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was adopted. In each site, a total of 33 bulk soil cores were collected 
along three parallel transects in the main slope direction (Table 1; 
Fig. 1a). Soil sampling was performed up to 30 and 40 cm depths in 
forested and vineyard hillslopes, respectively. To ascertain that all FRN 
in the soil profile was sampled in locations where the deposition was 
expected, the samples were collected up to 40 and 50 cm in forested and 
vineyard hillslopes, respectively, whenever the soil was deep enough. A 
sectioned core at 5 cm increments was also collected in an erosional site 
in each hillslope (at the second or third sampling point of the middle 
transect). 

2.2.2. Soil sample pre-treatment and radioisotopic analysis 
Soil samples were air-dried, disaggregated, sieved to <2 mm, 

ground, and then homogenized. Soil samples were analyzed for 137Cs 

Fig. 1. The location of the Z3 sub-watershed in Kurdistan Province and Iran, the reference site, and the study hillslopes and sampling points (a), and the location of 
the study site relative to the Chernobyl NPP. 

Table 1 
Number and type of samples collected at reference, forested, and vineyard sites.  

Site Number soil of 
samples for FRN 
measurements 

Depth 
(cm) 

Number soil of samples 
for physicochemical 
property measurements 

Depth 
(cm) 

Reference Increment 
sample:15 

2   

Bulk sample: 11 30 
Forest Increment sample: 

6 
5 6 0–20 

Bulk sample: 33 30 6 20–40 
Vineyard Increment sample: 

8 
5 7 0–20 

Bulk sample: 33 40 7 20–40  
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and 210Pb, and 226Ra by gamma spectrometry using an N-type HPGe 
detector. The calibration accuracy was established using IAEA reference 
materials (Soil 6 and Soil 375). Gamma spectrometry measurements 
were undertaken in the Iranian Nuclear Medicine Research Institute. 
Before analyzing 210Pb, sub-soil samples were sealed for one month to 
achieve equilibrium between 226Ra and its daughter 214Pb. 137Cs, total 
210Pb, and 214Pb activities were established from the net peak areas of 
gamma rays at 661.6, 46.5, and 352 keV, respectively. To reach a pre-
cision of maximum 20% at the 95% confidence level, counting times 
ranged between 12 and 24 h. 

To determine the proportion of 137Cs Chernobyl fallout in the sam-
ples, 39 bulk and increment samples were selected for 239+240Pu mea-
surement, including reference bulk samples, reference increment 
samples, a transect in the forest, and increment samples of an erosional 
site. Noteworthy is that the primary aim of measuring 239+240Pu was to 
quantify the proportion of 137Cs Chernobyl fallout. Thus, to prioritize 
the limited funding available, we did not measure 239+240Pu in the rest 
of the samples. According to the method explained by Ketterer et al. 
(2012), the samples were prepared for the analysis of Plutonium iso-
topes. Plutonium isotopes were measured with a Thermo X Series II 
quadrupole ICP-MS instrument, coupled with a high-efficiency dissolv-
ing sample introduction system, at the University of Cadiz, Spain. The 
measurement error was 1–3%, with the detection limit of 0.1 Bq kg− 1. 
Existing 239Pu and 240Pu masses in the sample (which were indicated by 
isotope dilution calculation) were presented as the aggregated 239+240Pu 
activity to correspond with alpha spectrometric measurements of Pu 
activity. The 240Pu/239Pu atom ratios were distinguished through the 
same analytical run. The quality of measurements was assessed by 
analyzing preparation blanks (soils or rocks bereft of Pu), control sam-
ples, and duplicates with pre-determined 239+240Pu activities. 

Cultivation history, i.e. if the soils have been disturbed, must be 
taken into account when selecting conversion models used to convert 
FRN inventories to soil redistribution rates (Walling et al., 2002, 2014). 
This distinction has to be made due to different FRN profiles in culti-
vated and uncultivated soils. While FRNs are almost uniformly distrib-
uted through plow layer in the former, they are expected to accumulate 
mostly closer to the surface in the latter. This means a decrease in FRN 
concentrations indicates far higher rates of erosion in cultivated lands 
rather than in uncultivated ones (Walling et al., 2014). Thus, to estimate 
soil redistribution rates, two models, i.e., the Diffusion and Migration 
Model (DMM) (Walling et al., 2002, 2014), and Modelling Deposition 
and Erosion rates with RadioNuclides (MODERN; Arata et al., 2016a,b) 
in forested hillslope were used, while in cultivated hillslope, Mass Bal-
ance Model II (MBM II) was applied (Walling et al., 2002, 2014). It is 
noteworthy that MODERN does not consider the progressive dilution of 
FRN concentrations within the plow layer, so it was not used at the 
vineyard. Indeed, in cultivated areas, there is a progressive dilution of 
FRN concentrations due to incorporating soil from below the original 
plow depth to compensate for the depth lost by erosion (IAEA, 2014). In 
order to propagate errors for the estimated soil erosion rates, we 
employed the following method. Given there are two sources of uncer-
tainty, uncorrelated to one another, namely the uncertainty of mea-
surements (Sx) and the CVs of FRNs at the reference site (Sy), the 
standard errors (Sz) were propagated using equation (1). equation (1) 
results were multiplied by the estimation of the conversion models, 
resulting in a confidence interval for each FRN. 

Sz =

̅̅̅̅̅̅̅̅̅̅̅̅̅̅̅̅̅̅̅̅̅̅̅̅̅̅

(Sx)
2
+ (Sy)

2
√

(1) 

The maps of soil redistribution rates were created using the spatial-
ization module of Inverse Distance Weighting power 2 (IDW2) in Surfer 
software package 16.0. IDW employs a weighted average interpolation 
technique assigning greater weight to adjacent points, making the 
weights inversely proportionate to the power of the distance (Oliver and 
Webster, 2015). 

2.3. Soil sampling and soil physicochemical properties 

Soil samples were collected along transects at six and seven points in 
the vineyard and forested hillslope, respectively (Table 1). Samples were 
gathered from two depths of 0–20 and 20–40 cm. The samples were air- 
dried, disaggregated, and sieved to <2 mm. Soil pH (McLean et al., 
1982) and electric conductivity (ECe) (Rhoades, 1982) were indicated in 
the saturated paste and saturated paste extract, respectively. Soil 
texture, or particle size distribution (PSD) (wet sieving and pipette 
method, Gee and Bauder, 1986), and bulk density (BD) (core method; 
Blake and Hartge, 1986) were measured. Porosity (ƒ) of the soils was 
calculated using soil bulk density (Danielson and Sutherland, 1986). The 
soil moisture at field capacity (FC) and the wilting point (PWP) were 
gauged by a pressure plate apparatus (Klute, 1986) at 33 and 1500 kPa, 
respectively. The available water capacity (AWC) was calculated by 
subtracting PWP from FC. Percolation stability was measured in a lab-
oratory test with air-dried 1–2 mm aggregates (Siegrist et al., 1998) at 
the Federal Agency for Water Management Austria, Vienna, Austria. In 
this method, the water is percolated through a small plexiglass tube 
filled with a sample with a constant hydrostatic head. The amount of 
percolated water during 600s was used to calculate PS values. 

Soil organic carbon (SOC) (Walkley-Black method; Nelson and 
Sommers, 1982), carbonate calcium equivalent (CCE) (Jackson, 1958) 
and cation exchange capacity (CEC) (determined using Rhoades, 1982 
method) were also measured using standard methods. Total nitrogen 
(TN) was measured by Kjeldahl method (Bremner, 1996). The SOC 
concentration derived by the TN concentration generates the soil C:N 
ratio. The soil organic carbon stock (SOCS) was computed with the 
equation proposed by Hiederer and Köchy (2011). Soil permeability was 
measured using double-ring infiltrometers, and a soil profile was also 
studied in each hillslope (Scholten, 1997). 

The soil erodibility (K) factor was estimated using Wischmeier and 
Smith (1978). The equation considers the OM content, aggregate sta-
bility, infiltration rate, and PSD. To assess soil’s susceptibility to crust-
ing, soil physical quality indices were also computed, which included 
sealing index (SI) (Valentin and Bresson, 1997) and crusting index (CI) 
(FAO, 1978) using equation 2, and 3, respectively. 

SI =
OM × 100
Silt + Clay

(2) 

The value of the SI is regarded as high crusting or sealing risk if it is 
lower than 5%, whereas a value of more than 9% indicates a low sealing 
risk, and 7% is described as the threshold value (Udom and Kamalu, 
2016). 

CI =
1.5(%fine Silt + 0.75coarse Silt)

%Clay + 10(%OM)
(3) 

The values over 1.6 for CI represent that soils are prone to intense 
crusting, whereas values below 1.2 imply low crusting risk. 

A statistical comparison between the topsoil and subsoil properties of 
the two land-use types was done by one-way analysis of variance 
(ANOVA). In fact, the H-value of the Kruskal–Wallis test offers a metric 
to evaluate the discriminatory power of a property between different 
classes (Berthon et al., 2011). Properties with higher H-values have 
higher discrimination powers (Berthon et al., 2011). The H-value was, 
thus, applied to compare the discrimination power of the significantly 
different properties of topsoil and subsoil classes between two land-use 
types, enabling the identification of the most sensitive properties to 
deforestation. SPSS software ver. 22 (IBM, Armonk, NY, USA) was 
employed to carry out all statistical analyses. 
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3. Results 

3.1. Assessment of soil redistribution rates estimated by FRNs 

3.1.1. FRN baseline inventories and 137Cs chernobyl fallout proportion at 
the reference site 

The depth profiles at the reference site of three FRNs showed an 
exponential decrease with depth (Fig. 2). The upper 12 cm of the soils 
contained 91.5%, 91.7%, and 90.4% of the 137Cs, 239+240Pu, and 210Pbex 
inventory, respectively. The mean reference inventory values of 137Cs, 
210Pbex, and 239+240Pu were estimated to be 6152 ± 1266, 6079 ± 151, 
and 135 ± 31 Bq m− 2, respectively (Fig. 3). 

The 137Cs value obtained in our reference site was higher than most 
values reported for reference inventories in Iran (Table 2). Therefore, it 
was hypothesized that the study site possibly received Chernobyl- 
derived 137Cs fallout (Fig. 1b). Lawrence Livermore National Labora-
tory map shows that the radioactive Chernobyl cloud reached west of 
Iran on 6 May 1986 (users.owt.com). Foucher et al. (2021) also indi-
cated that the Northwest of Iran was contaminated by the Chernobyl 
fallout. The CHELSA (Climatologies at high resolution for the earth’s 

land surface areas) dataset (Karger et al., 2017) confirmed that the study 
site received around 150 and 100 mm rainfall in April and May 1986, 
respectively. 

At our reference site, the average atomic ratio of 240Pu/239Pu was 
0.184 ± 0.020, ranging from 0.121 to 0.262 (Fig. 4). Here, to determine 
the proportion of the 137Cs Chernobyl input, the mean activity ratio of 
137Cs/239+240Pu from global originated fallout was employed using the 
value reported by Hodge et al. (1996) at 38.4 (as of 1 July 1994) after 
values being decay-corrected to 1.10.2016, this amount reduces to 22.9. 
The Chernobyl-derived 137Cs was calculated by subtracting the global 
inventory contribution from the reference site inventories (including 
global and Chernobyl fallout). The 137Cs Chernobyl input in the study 
site was estimated to be 49.8 ± 10.0%. 

3.1.2. Fallout radionuclides inventories and soil redistribution rates at slope 
transects 

The mean and standard deviation of 239+240Pu inventory was 130.9 
± 54.5 Bq m− 2 at the forested hillslope. 137Cs inventories were 5389.9 
± 2227.9 and 4646.6 ± 1921.8 Bq m− 2, and 210Pbex inventories were 
4068.3 ± 2345.8 and 3990.1 ± 2892.2 Bq m− 2, respectively for forested 

Fig. 2. Depth distribution of 137Cs, 210Pbex, and 239+240Pu activities at the reference site and an erosional site in the forested and vineyard hillslopes. Scales are 
different on the x-axis. 
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and vineyard hillslopes (Fig. 3). The average inventories of both 137Cs 
and 210Pbex in the vineyard hillslope were moderately lower than those 
of the forested site. The coefficients of variation of 137Cs, 210Pbex, and 
239+240Pu for 11 bulk samples at the reference site were 21, 23, and 25%, 
respectively. The values were within the acceptable threshold for using 
FRN techniques, i.e., <30% (IAEA, 2014). 

The sectioned profiles of 137Cs, 210Pbex, and 239+240Pu in an erosional 
site in the second transect (mid-transect) of forested hillslope were 
compared (Fig. 2). Inventory changes in sectioned profiles of FRNs 
verified the dominance of soil erosion at the site, albeit having 
comparatively different values (Fig. 2). In other words, while inventory 
changes of 137Cs and 210Pbex (− 17 and − 23%, respectively) were quite 
identical, the inventory change of the 239+240Pu (− 86%), was notably 
high (Fig. 2). Supposedly, changes in microtopography of the hillslope 
over time might have brought about such discrepancies in FRN in-
ventories. Depth distribution of 137Cs and 210Pbex at an erosional vine-
yard site confirmed that an erosion process has occurred on the site 
(Fig. 2). Yet, 210Pbex showed a higher rate of soil erosion. 

The average errors of soil erosion rates for 137Cs and 210Pbex were 
calculated using equation (1). CVs of 137Cs, 239+240Pu, and 210Pbex at the 
reference site were 21, 23, and 25%, respectively, and the average un-
certainty of measurements were 5, 1, and 22%, respectively, resulting in 
21.6, 23.0, and 33.3%, in respective order after being introduced to 
equation (1). Finally, the confidence intervals of the soil erosion rates 
were calculated by converting the upper and lower inventories within 
the error range. At the forested hillslope, the net soil erosion rate esti-
mated by MODERN for 210Pbex (5.9 ± 1.1 Mg ha− 1 yr− 1) was slightly 
more than that of 137Cs (5.0 ± 2.5 Mg ha− 1 yr− 1) and 239+240Pu (1.7 ±
0.4 Mg ha− 1 yr− 1); subsequently, respective SDRs of 96, 70 and 66% 
were computed (Table 3). By contrast, the ones estimated by DMM were 
considerably different for these two FRNs, with 2.0 and 5.1 Mg ha− 1 yr− 1 

Fig. 3. 137Cs, 210Pbex, and 239+240Pu inventories at reference, forested, and vineyard sites (the scale of Y axes for 137Cs and 210Pbex is different from that of 239+240Pu).  

Table 2 
137Cs baseline inventory and mean annual precipitation (MAP) in undisturbed 
locations in different parts of Iran (all values were decay corrected to 1/10/ 
2016).  

Location Mean Annual 
Precipitation 
(mm) 

137Cs 
inventory at 
reference site 
(Bq m− 2) 

Reference 

Kouhin, centre of 
Iran 

330 1956 ± 107 Khodadadi et al. (2018) 

Aghemam 
Catchment, 
North-East of 
Iran 

482 2714 Seyedalipour et al. 
(2014) 

Rimeleh 
catchment, west 
of Iran 

696 1544 Kalhor (1998);  
Matinfar et al. (2013) 

Chaharmahal and 
Bakhtiari 
Province, West- 
South of Iran 

600 1730 ± 32 Afshar et al. (2010) 

Gorgan River 
watershed, 
North of Iran 

562 2178 Shahoei and Rafahi 
(1998) 

Golestan Province, 
North of Iran 

700–1000 3840–4062 Gharibreza et al. (2020) 

Gilan Province, 
North of Iran 

1000 3570 -5270* Vahabi-Moghaddam 
and Khoshbinfar 
(2012) 

1209 6180 Gharibreza et al. (2021) 
Zarivar lake 

watershed, 
North-West of 
Iran 

991 6152 ± 1266 This study 

* Not all reported values were related to a reference site.  
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for 137Cs and 210Pbex, respectively. At the vineyard hillslope, the net soil 
redistribution rates estimated by MBM II were 25.9 ± 5.7 and 32.5 ±
14.5 Mg ha− 1 yr− 1, respectively, which was about five times more than 
those at the forested hillslopes. Consequently, SDRs were estimated to be 
around 95 and 92% for 137Cs and 210Pbex, respectively (Table 3). In 
general, SDRs calculated in both hillslopes using different models were 
extremely high, indicating that most of the eroded soil was removed 
from the hillslopes. The correlation between inventories of 210Pbex and 
239+240Pu with 137Cs along a transect in forested hillslope was examined 
(Fig. 5a). A stronger positive correlation was observed between 137Cs 
and 239+240Pu (ca. r2 = 0.82) than between 137Cs and 210Pbex (ca. r2 =

0.56). Also, the soil redistribution rates of the three FRNs in the forested 
transect were estimated using the MODERN and DMM (Fig. 6b). While 
DMM estimated soil losses for 210Pbex were higher than those of 137Cs in 
most sampling points, MODERN estimated soil losses and gains for 
239+240Pu were by far the highest along the transect (Fig. 5b). 

Soil redistribution rates estimated by 137Cs and 210Pbex followed 
relatively similar patterns in both sites (Fig. 6). Although both radio-
nuclides indicated soil loss was the dominant process in both hillslopes, 
the magnitude of soil loss in the vineyard site was several times higher 
than those in the forested site (Fig. 6). In the vineyard site, the soil 
redistribution pattern of both radionuclides showed that deposition had 

occurred mainly along the third transect, which was expected due to its 
gentle lateral slope (Fig. 6a and b). In the forested site, deposition 
happened in mid-slope, having a relatively lower slope gradient; how-
ever, due to the high slope gradient at the bottom of the slope (Fig. 6c 
and d), soil loss was the predominant process. Owing to the consistency 
between the estimated soil distribution rates and the topography fea-
tures, both 137Cs and 210Pbex radionuclides proved valid in quantifying 
soil loss. 

3.2. Assessment of soil physicochemical properties in the vineyard and 
forested hillslopes 

Deforestation and land-use change from natural vegetation to agri-
culture have significantly increased ECe, pH, BD, and the K factor, while 
considerably decreasing OM, TN, C:N, CEC, AWC, ƒ, and PS in surface 
soil (Table 4). Likewise, in the subsurface soils of two land-use types, 
there was a substantial rise in pH, BD, and K, yet a notable decline in 
clay, OM, TN, C:N, CEC, AWC, ƒ, and PS (Table 3). 

OM and TN in both depths were reduced in the vineyard compared to 
the forest; however, this reduction was greater in the surface layer 
(Table 4). The average OM content of the forest’s topsoil is twice as high 
as the dry farming vineyard, i.e., 2.8 and 1.4% (Table 4), which 

Fig. 4. The ratio of 240Pu/239Pu of samples at the reference site and the forested hillslope.  

Table 3 
Sediment budget based on137Cs and210Pbex dataset at forest and orchard sites.  

Sediment budget Forect Vineyard 
137Cs 210Pbex 

239+240Pu 137Cs 210Pbex 

MODERN DMM MODERN DMM MODERN MBM II 

Net erosion (Mg ha− 1 yr− 1) 5.0 ± 1.1 2.0 ± 0.4 5.9 ± 2.0 5.1 ± 1.7 1.7 ± 0.4 25.9 ± 5.7 32.5 ± 10.8 
Sediment Delivery Ratio (%) 69.9 83.0 95.9 92.8 65.5 95.2 91.9  
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correspond to a SOCS of 28.8 and 19.8 Mg ha− 1, respectively. Similarly, 
the OM contents in forest and vineyard subsoils were 1.7 and 1.2%, 
respectively, indicating a SOCS of 19.5 and 15.2 Mg ha− 1, respectively. 
The C:N ratio dropped with depth in both soils, most probably due to 
lower OM turnover (Table 4). Moreover, the BD of the vineyard topsoil 
was significantly greater than that of the forest (1.09 kg m− 3 and 1.37 kg 
m− 3 in the forest and vineyard topsoil, respectively) (Table 4). Similarly, 
following deforestation, the porosity of the surface and subsurface soils 
under the vineyard declined by around 11 and 10%, respectively. 

Mbagwu and Auerswald (1999) classified PS into three classes, 
namely, rapid (>250 gr H2O 600s− 1), moderate (250-150 gr H2O 
600s− 1), and slow (<150 gr H2O 600s− 1). PSs were approximately 309 
and 160 gr H2O 600s− 1 in forest and vineyard topsoil, in turn, falling 

into rapid and moderate categories, respectively. Rapid PS in forest soils 
is interpreted as high aggregate stability reflecting the higher OM con-
tent, but moderate PS in vineyard soils is an indicator of their weak 
structure. Furthermore, two indices were calculated to evaluate the 
surface crusting risk. The SI in all soil samples was less than 5%, indi-
cating a high risk of sealing. CI in both topsoil and subsoil of the forest 
showed a low sealing risk (<1.2), while it was considered to have a 
moderate sealing risk in surface and subsurface soils of the vineyard 
(1.2–1.6). K-values in forest surface and subsurface soils were 0.044 and 
0.054 t ha hr MJ− 1 ha− 1 mm− 1, respectively, whereas respective values 
for surface and subsurface vineyard soils were 0.051 and 0.067 t ha hr 
MJ− 1 ha− 1 mm− 1 (Table 4). 

Fig. 5. Comparison of 210Pbex and 239+240Pu with 137Cs inventories (a) and FRNs derived soil redistribution rates using MODERN and Diffusion and Migration model 
(DMM) (b) along a transect in the forested hillslope (negative values indicate erosion, whereas positive values indicate deposition). 
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4. Discussion 

4.1. Assessment of soil redistribution rates estimated by FRNs 

4.1.1. FRN baseline inventories and 137Cs chernobyl fallout proportion in 
the study area 

The 240Pu/239Pu atom ratio of global fallout in mid-latitudes of the 
Northern Hemisphere is 0.180 ± 0.014 (Kelley et al., 1999), while the 
ratio of Chernobyl fallout is between 0.37 and 0.41 (Muramatsu et al., 
2000; Ketterer et al., 2004). Thus, our measured 240Pu/239Pu ratios 
(with an average of ca 0.184 ± 0.020) are in accordance with the Kelly 
et al.’s (1999) atmospheric fallout value, implying that Pu solely origi-
nates from the global atmospheric fallout (Fig. 4). Thus, Pu could be 
used to quantify the proportion of the 137Cs Chernobyl input, estimated 
to be 49.8 ± 10.0%. Substantial rainfall amounts after the Chernobyl 
incident (CHELSA dataset; Karger et al., 2017) also confirmed that the 
study site had been contaminated by Chernobyl-derived 137Cs fallout. 

Our mean reference inventory value of 137Cs in the northwest of Iran 
(at 6152 ± 1266 Bq m− 2) was compatible with those observed in the 
Northeast of Iran, at 4000 Bq m− 2 (Gharibreza et al., 2020), and in the 
north of Iran, at around 4420 (Vahabi-Moghaddam and Khoshbinfar, 
2012) and 6180 Bq m− 2 (Gharibreza et al., 2021) (Table 1). Overall, a 
relatively strong correlation was observed between 137Cs inventories 
and MAP in the country (r2 = 0.72; Fig. 7). For the site in the north of 
Iran investigated by Vahabi-Moghaddam and Khoshbinfar (2012), with 
similar MAPs, the 137Cs inventories were reported to vary between 3570 
and 5270 Bq m− 2 moderately lower than our reported value. This can be 
due to a 400-km distance between the two sites and, more importantly, 
the fact that not all reported values were related to a well-defined 
reference site, meaning that the collected samples might have 

experienced soil redistribution. 
The mean reference inventory value of 210Pbex stood at 6079 ± 1511 

Bq m− 2, which was moderately greater than the reported value in cen-
tral Iran, at 5825 ± 297 Bq m− 2, with MAP of 330 mm (Khodadadi et al., 
2018). The annual deposition flux of 210Pbex was 205 Bq m− 2 yr− 1 for the 
region, falling into its range of the recorded global annual deposition 
fluxes, i.e., from 23 to 367 Bq m− 2. Zhang et al. (2021) developed 
empirical equations for calculating 210Pb annual depositional fluxes 
using MAP. Using the equation for 30–40◦ N (210Pb annual depositional 
fluxes = 0.13 MAP + 71.8; r = 0.39; p = 2.1 × 10− 5; n = 113), the value 
for our study site is 189 Bq m− 2 yr− 1, which is quite consistent with our 
value. 

No data has yet been published on 239+240Pu inventories in Iran. The 
estimated reference inventory of 135 ± 31 Bq m− 2 is considerably 
greater than the average value suggested for the global fallout of Pu in 
the 30 to 40◦N latitude, at 42 Bq m− 2 (UNSCEAR, 2000). this deviation 
from the global average value might be attributed to high initial 
bomb-derived depositions in the study site from 1953 to 1964. Table 4 
summarizes 239+240Pu inventories at reference sites around the globe. 
Our baseline inventory fell into the reported range by Guan et al. (2021), 
varying from 116.57 to 554 Bq m− 2, measured in areas with the same 
latitudes and similar MAPs in China (Table 5). 

4.1.2. Fallout radionuclides inventories and soil redistribution rates at slope 
transects 

The net soil erosion rates estimated by DMM at the forested hillslope 
were around 2 and 5.1 Mg ha− 1 yr− 1 for 137Cs and 210Pbex, respectively. 
Different values were reported for the net soil erosion rates at forested 
areas in the literature (e.g. Wakiyama et al., 2010; Gaspar et al., 2013; 
Teramage et al., 2015; Meusburger et al., 2016; Gharibreza et al., 2013, 

Fig. 6. Maps of soil redistribution rates (kg m− 2 year− 1) derived by 137Cs (a) and 210Pbex (b) at the vineyard site, and by 137Cs (c) and 210Pbex (d) at the forested site 
using IDW2. 
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2020). For instance, by using 210Pbex, Gaspar et al. (2013) estimated a 
mean soil redistribution rate of 1.3–1.7 Mg ha− 1 yr− 1 at the slope 
gradient of 24% in the Mediterranean oak forest, Spain. Wakiyama et al. 
(2010) reported soil erosion magnitudes obtained by 210Pbex varying 
from 0.65 to 1.24 Mg ha− 1 yr− 1 in forested hillslopes with a slope 
gradient of around 40% in Japan. These values were, nonetheless, 
slightly lower than our estimated values. 

The soil redistribution rates of three FRNs in a forested transect were 
estimated using both the MODERN model and DMM (Fig. 5b). Results 
obtained for 137Cs by the MODERN represented a wider range of soil 
redistribution magnitude, while the DMM outputs tended to level off the 
extreme soil redistribution rates, which were in accordance with 

Meusburger et al. (2018). 
At the vineyard hillslope, the net soil erosion rates estimated by MBM 

II were 25.9 ± 5.7 and 32.5 ± 14.5 Mg ha− 1 yr− 1 for 137Cs and 210Pbex, 
respectively. Both FRNs estimated that soil erosion has increased by 
nearly five times following deforestation. Gharibreza et al. (2013), who 
used the 137Cs method, showed that soil loss magnitude surged by 7–13 
times following deforestation in a watershed in Malaysia, which was 
compatible with our findings. 

It should be noted that different FRNs inherently account for diverse 
time spans (Meusburger et al., 2016). Relatively high 137Cs Chernobyl 
input at the site under investigation (~50%) reveals that 137Cs technique 
is more likely to indicate a medium-term soil erosion process, i.e., 
mainly from 1986 onwards. However, the time frame captured by 
239+240Pu has been recorded from the mid-1960s onward. Moreover, 
although 210Pbex inventory reflects fallout depositions during the last 
100 years, due to the radionuclide’s ongoing fallout and a short half-life, 
it is more sensitive to the two last decades’ erosive events causing soil 
redistribution (Porto et al., 2013, 2014). At the forested hillslope, the net 
soil erosion rate estimated by 239+240Pu was far lower than that of 137Cs 

Table 4 
Summary of soil physicochemical properties of the surface and subsurface 
soils at the forested and orchard hillslope (the statistical comparison was 
made between topsoil (0–20 cm) and subsoil (20–40 cm) properties of two land- 
uses separately). H-values of Kruskal–Wallis are also given for significant 
properties. (ECe: Electrical Conductivity, OM: Total Organic Matter, TN: Total 
Nitrogen, CCE: Carbonate Calcium Equivalent, CEC: Cation Exchange Capacity, 
BD: Bulk Density, ƒ: Porosity, FC: soil water retention at potential equivalent to 
Field Capacity, PWP: Permanent Wilting Point, AWC: Available Water Content, 
PS: Percolation Stability, SI: Sealing Index, CI: Crusting Index, and K: soil 
erodibility).  

Parameter Topsoil Subsoil 

Forest Vineyard H- 
value 

Forest Vineyard H- 
value 

Clay (%) 21.0 ±
3.5a†

26.3 ±
5.8a  

31.4 ±
1.6A‡

23.4 ±
2.7B 

0.50 

Silt (%) 54.0 ±
4.0a 

50.3 ±
4.3a  

51.1 ±
7.4A 

53.2 ±
3.8A  

Sand (%) 25.0 ±
4.1a 

23.4 ±
1.9a  

17.5 ±
5.8A 

23.4 ±
1.1A  

Gravel (%) 18.3 ±
6.7a 

13.8 ±
5.5a  

24.3 ±
9.3A 

27.2 ±
7.0A  

pH 7.2 ±
0.2b 

7.6 ±
0.3a 

5.28 7.3 ±
0.1B 

7.5 ±
0.2A 

5.85 

ECe (dS 
m− 1) 

2.0 ±
0.3b 

2.40 ±
0.2a 

6.27 1.6 ±
0.1A 

1.45 ±
0.2A  

OM (%) 2.8 ±
0.3a 

1.4 ±
0.3b 

9.02 1.7 ±
0.1A 

1.2 ±
0.2B 

7.03 

TN (gr kg− 1) 0.20 ±
0.08a 

0.16 ±
0.02b 

0.43 0.16 ±
0.06A 

0.12 ±
0.02B 

0.78 

C:N 72. 9 ±
20.3a 

42.2 ±
4.1b 

3.86 61.2 ±
22.2A 

50.6 ±
12.7A  

CCE (%) 2.8 ±
0.9a 

3.3 ±
0.3a  

3.4 ±
0.3A 

3. 8 ±
0.5A  

CEC (cmol+

kg− 1) 
27.9 ±
0.8a 

22.46 ±
0.9b 

9.02 34.9 ±
1.6A 

24.6 ±
0.2B 

8.31 

BD (Mg m− 3) 1.1 ±
0.6b 

1.4 ±
0.7a 

9.02 1.3 ±
0.7B 

1.6 ±
1.0A 

8.34 

ƒ (%) 59.0 ±
2.1a 

48.4 ±
2.8b 

9.02 51.9 ±
2.7A 

41.38 ±
3.6B 

8.34 

FC (%) 38.6 ±
1.3a 

32.8 ±
1.6b 

9.0 32.4 ±
1.1A 

30.8 ±
1.2B 

5.03 

PWP (%) 15.6 ±
1.9a 

14.9 ±
2.1a  

14.4 ±
1.3A 

14.4 ±
1.6A  

AWC (%) 23.0 ±
2.9a 

17.9 ±
1.3b 

7.37 18.0 ±
1.6A 

16.4 ±
1.5B 

8.31 

PS (gr H2O 
600s− 1) 

309.4 
± 43.6a 

137.9 ±
66.3b 

9.44 160.4 
± 41.0A 

101.2 ±
62.8B 

1.19 

SI (%) 3.84 ±
0.6a 

1.9 ±
0.3b 

8.16 2.2 ±
0.1A 

1.5 ±
0.3B 

7.0 

CI 1.0 ±
0.1b 

1.3 ±
0.1a 

9.0 1.2 ±
0.1B 

1.5 ±
0.1A 

8.34 

K (t ha hr 
MJ− 1 

ha− 1 

mm− 1) 

0.044 
±

0.005b 

0.051 ±
0.009a 

1.19 0.055 
±

0.005B 

0.067 ±
0.005A 

3.60 

†Different lowercase letters indicate significant differences at the p-level<0.05 in 
topsoil properties of two land uses. 
‡Different capital letters indicate significant differences at the p-level<0.05 in 
subsoil properties of two land uses. 

Fig. 7. The correlation between reported 137Cs inventories and MAP in Iran 
(for more details, see Table 2). The orange triangle corresponds with our site. 
(For interpretation of the references to colour in this figure legend, the reader is 
referred to the Web version of this article.) 

Table 5 
239+240Pu baseline inventory and mean annual precipitation (MAP) in undis-
turbed locations.  

Location Mean Annual 
Precipitation 
(mm) 

239+240Pu 
inventory at 
reference site (Bq 
m− 2) 

Reference 

Australia 1200 8.8 Tims et al. (2013) 
China 600–800 87 ± 3 Xu et al. (2013) 

800–1000 45 - 55 (in Hubei) Zheng et al. (2009) 
235–238 32 (in Lanzhou) Dong et al. (2010) 
500–1100 117–554 (in 

Qinghai-Tibet 
Plateau) 

Guan et al. (2021) 

South 
Korea 

– 18 (in Sesan); Lee et al. (1996) 
– 102 (in Euiwang) Lee et al. (1996) 
1599 55 ± 8 Meusburger et al. (2016) 

Europe 500–3500 8 - 380 (53.3) Meusburger et al. (2020) 
Germany 968 59 ± 8 Schimmack et al. (2001)  

Switzerland 1400 67 ± 13 and 83 ±
11 

Meusburger et al. 
(2018); Schaub et al. 
(2010); Alewell et al. 
(2014) 

1050 78 -104 (92) Zollinger et al. (2015) 
Congo 1300–1900 33-48 (41.3) Wilken et al. (2021)  
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(Table 2), suggesting that a higher soil loss might have occurred after 
1986 compared to the 1963–1986 time window. In both land-use types, 
the net soil erosion rates estimated by 137Cs were slightly smaller than 
those of 210Pbex. Such an incongruity was also found in elsewhere, e.g. 
Japan (Wakiyama et al., 2010), China (Fang et al., 2013), and Iran 
(Khodadadi et al., 2018). The higher erosion rates may be interpreted as 
an accelerated trend in soil erosion, which could be a reflection of last 
decades’ climate variabilities. A trend analysis of MAPs of two adjacent 
meteorological stations, Sanandaj and Marivan, was done using the 
Mann-Kendall test and Sen’s slope estimates (Salmi et al., 2002). The 
MAPs of both stations showed a clear downward trend from 1959 on-
wards. Additionally, Balling et al. (2016) reported an increase in the 
number of extreme precipitation events in Iran from 1951 to 2007. This 
can suggest that erosion increased at the study site in response to climate 
variabilities over the last decades. However, as highlighted in similar 
studies, measurement uncertainties of 210Pbex and related soil erosion 
rates are high. To illustrate, estimated net soil erosion uncertainty in the 
vineyard was about 10.8 Mg ha− 1 yr− 1, almost twice as high as that of 
137Cs, and in the forest were 0.4 and 1.7 Mg ha− 1 yr− 1 for 137Cs and 
210Pbex, respectively. On the whole, changes in land use and land 
management (Gaspar et al., 2013; Zhang et al., 2006), microtopography, 
and rainfall characteristics in various timescales might have a significant 
effect on estimated soil erosion rates using different FRNs. Moreover, the 
soil redistribution patterns in both hillslopes were controlled mainly by 
topography (Fig. 6). Nevertheless, no significant correlations were found 
between slope gradient and curvature and soil redistribution rates 
estimated by both radionuclides at the p-level of 0.05, being in accor-
dance with Fang et al.’s (2013) findings. 

4.2. Assessment of soil physicochemical properties in the vineyard and 
forested hillslopes 

Soil organic matter content (OM), a main indicator of soil quality and 
health (Gregorich et al., 2006), influences soil’s chemical, physical, and 
biological properties, therefore directly impacting microbial and plant 
growth. In general, factors such as low vegetation cover, less shading, 
increased soil temperature, tillage operations, and soil erosion suscep-
tibility following deforestation are key elements prompting the loss of 
OM (Six et al., 2000). OM and TN in both depths were significantly lower 
in the vineyard compared to the forest (Table 4). Puget and Lal (2005), 
Khormali et al. (2009), and Nabiollahi et al. (2018) also pointed out 
considerable reductions in SOM after land-use change, congruent with 
our findings, which can partly be due to a lower litter turnover and 
higher biomass exiting the hillslope, i.e. roughly around 8 Mg C ha− 1 in 
the vineyard vs. 1 in the forest within 35 years. In addition, manual 
tillage practices in the vineyard that are done to eliminate weed growth 
and conserve moisture may increase OM oxidation by breaking up the 
soil aggregates (Nardi et al., 1996). Here, SOCS decreased by 29% in 
0–40 cm depth following the conversion of forest to cropland. A range of 
values for SOCS decline following deforestation can be found in the 
literature, e.g. from 20% reported by Arias-Ortiz et al. (2021) in 
Madagascar and de Blécourt et al. (2019) in Namibia to significantly 
higher values, for example, Rojas et al. (2016) up to 45% and Conti et al. 
(2014) at 64% in Argentina, An et al. (2008) at 72% in China, and Assefa 
et al. (2017) at 70% in Ethiopia. Such diverse values can be attributed to 
differences between climate, initial SOCS, management practices, and 
soil type (Stevens and van Wesemael, 2008). Forest soils had a higher C: 
N ratio in both depths, which was comparable to those reported by Puget 
and Lal (2005). In fact, the ratio mostly corresponds to the amounts of 
plant residuals entering soil OM pool (Puget and Lal, 2005). As it is 
expected that the C:N ratio dropped with depth in both soils, most 
probably as a result of lower OM turnover (Table 4). 

PSs in forest and vineyard topsoil were categorized as rapid and 
moderate, in respective order. Rapid PS in the forest indicates that soils 
are generally strongly structured, while moderate PS in vineyard soils 
implies low aggregate stability triggered by lower OM content. It is also 

believed that fungal hyphae play an essential role in aggregate stability 
in forests (Ternan et al., 1996). Mbagwu and Auerswald (1999) also 
reported rapid PS in forest soils and slow to moderate PS values in bare 
fallows and cultivated lands. They concluded that PS positively corre-
lated with OM. Notable is that the PSs of topsoil samples in both land 
uses were higher than those of their subsoils. Moreover, the PS of the 
topsoil in the vineyard site was roughly as the same as that of the subsoil 
of the forest, implying the possibility of the vineyard’s topsoil removal 
by erosion. Among all properties shown in Table 4, the highest coeffi-
cient of variability occurred in PS. 

Microaggregates resulting from aggregate breakdown can clog large 
pores, thus decreasing infiltration rate and increasing runoff generation 
(Auerswald, 1995). SI in all soil samples was less than 5%, indicating a 
high risk of sealing due to a high percentage of silt (Valentin and Bres-
son, 1997). However, SI was significantly higher in both depth intervals 
of the forest owing to higher OM content. Udom and Kamalu (2016) 
reported that SI varied from 2.40 to 3.10 in topsoil and from 2.17 to 4.76 
in the subsoil of tropical soils susceptible to seasonal flooding, meaning 
that the risk of sealing was considerably high in their investigated sites. 
In contrast, CI in both the topsoil and subsoil of the forest showed a low 
sealing risk, while it was considered to have a moderate sealing risk in 
the surface and subsurface soils of the vineyard. In other words, 
although SI indicated a high risk of sealing for all studied soils, CI sug-
gested that crusting risks in both surface and subsurface soils of the 
vineyard were more than those of forest soils. This implies that CI can be 
an advantageous index over SI as it can not only take the particle size 
classes of silt (i.e., fine and coarse silt) into consideration but also better 
differentiate between the soils with different OM. 

The K factor depends on PSD, permeability, OM content, and struc-
ture. K-values in forest surface and subsurface soils were lower than 
those for vineyard soils. The reported K factor in China, ranging from 
0.007 to 0.043 t ha hr MJ− 1 ha− 1 mm− 1 (Wang et al., 2013), and the 
values observed in the USA, varying from 0.004 to 0.063 t ha hr MJ− 1 

ha− 1 mm− 1 (Wischmeier and Smith, 1978), indicate that soil erodibility 
in the study area was relatively high. In other words, the soils of both 
land uses are extremely prone to soil erosion owing to high amounts of 
silt. Following the land-use change, the K factor value in the vineyard 
increased to 14% in topsoil and around 20% in the subsoil, which was in 
agreement with Khormali et al. (2009),. Referring to the study of San-
chez-Maranon et al. (2002), following the land-use change, the K-value 
rose to around 59% in southern Spain. Also, Celik (2005) studied the 
impact of cultivated land on soil properties in the south of Turkey and 
reported that cultivation practices had increased the amount of K-value 
by 2.4. 

The most sensitive physicochemical properties to deforestation were 
indicated by the H-values of the Kruskal–Wallis test (Table 4). For the 
surface soils of two land-use types, the highest H-values were detected to 
be PS at 9.44, followed closely by OM, CEC, BD, ƒ, FC, and CI (9.0 < H- 
value <9.20). In contrast, the highest H-values for subsurface soils were 
CEC, BD, ƒ, AWC, and CI (8.31 < H-value <8.34) (Table 4). PS in sub-
surface soils was, therefore, not an appropriate metric to discriminate 
between subsoils, while being a reliable property in topsoils. 

In brief, vineyard topsoil experienced the most dramatic drops in PS, 
SI, and OM at about 55, 51, and 49%, respectively, while AWC, TN, CEC, 
and porosity witnessed a lower decline, ranging between 18 and 22%. In 
contrast, soil loss estimated by 137Cs, CI, EC, soil loss estimated by 
210Pbex, and BD rose considerably, between 18 and 22% (Fig. 8a). In the 
subsurface layer, similar to topsoil, PS, OM, and SI declined by 37, 32, 
and 30%, respectively, but unlike topsoil, CEC and clay content 
exhibited a 29 and 25% decrease. On the other hand, BD, K, and CI 
soared by 21, 22, and 32%, in turn (Fig. 8b). Strikingly, most forest 
subsoil properties were quite comparable with vineyard topsoil rather 
than vineyard subsoil. To illustrate, the average values of BD, ƒ, FC, and 
AWC and, to some extent, PS, SI, CI, K, and OM in vineyard’s topsoil and 
forest’s subsoil were remarkably similar (Table 4). For one thing, the 
depth of soil loss in the vineyard is estimated to be roughly around 10 cm 
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utilizing 137Cs-derived net erosion. Moreover, the soil was continuously 
mixed with subsoil underneath by tillage operations (ca. upper 20 cm), 
which may result in the vineyard’s topsoil showing relatively similar 
behavior to forest subsoil, findings being in agreement with An et al. 
(2008). Noteworthy is that the deterioration of soil’s physical proper-
ties, e.g. PS, BD, and ƒ was incredibly high after deforestation, which was 
in line with Tobón et al.’s (2010) findings. Overall, these alterations in 
surface and sub-surface soil properties verified a deterioration of soil 
quality within 35 years post deforestation. 

5. Conclusion 

Over the past decades, a rapidly growing population has increased 
the demand for food, leading to rapid land-use changes in the country, i. 
e., conversion of land under natural vegetation into arable lands. The 
present study was conducted to quantify the impacts of deforestation on 
soil loss using different fallout radionuclides and soil physicochemical 
properties. 

The proportion of 137Cs fallout from different sources (Chernobyl 
fallout vs. global fallout) could be determined via 239+240Pu isotopes. 
The 240Pu/239Pu atom ratios confirmed that Pu originated exclusively 
from global fallout. From the 137Cs/239+240Pu ratio, it was evident that 
around half of the 137Cs found at the site was Chernobyl-derived. 
239+240Pu proved to be a reliable tool to quantify the relative contri-
bution of Chernobyl-derived 137Cs in contaminated areas, a prerequisite 
necessary to applying 137Cs conversion models. Both 137Cs and 210Pbex 
radionuclides indicated that deforestation increased annual soil loss by 
about five times. Notable is that the values obtained by both techniques 
for each land use were consistent; however, moderately higher net soil 
erosion rates were estimated by 210Pbex at both sites. 

The conversion of forest to vineyard led to marked deterioration in 
soil quality as was highlighted by a significant decrease in OM, TN, C:N, 
CEC, AWC, ƒ, and PS, and a substantial increase in ECe, pH, BD, and K 
factor in both topsoil and subsoil. SOCS in 0–40 cm depth dropped by 14 
Mg C ha− 1, from 49 Mg C ha− 1 in the forest to 35 Mg C ha− 1 in the 
vineyard. As such, about 8 Mg C ha− 1 in the vineyard was removed by 
erosion within 35 years, and the remaining 6 Mg C ha− 1 seemed to be 
lost via CO2 emissions. This net atmospheric carbon emissions, at 17.1 
kg C m− 2 yr− 1, was in accordance with values reported by Dialynas et al. 
(2016) at 18.2 kg C m− 2 yr− 1 and Harden et al. (1999) at 10–20 kg C m− 2 

yr− 1. This signifies the impacts of accelerated soil erosion on SOC 
terrestrial storage (Ito, 2007), including SOC redistribution within 

agricultural landscapes and carbon oxidation (McCarty and Ritchie, 
2002). Thus, carbon erosion and deposition may exert strong controls 
over the land’s potential to act as a carbon source or a sink (Dialynas 
et al., 2016). Indeed, land-use change can be considered to be one of the 
main causes of carbon emissions, contributing to climate change (Wat-
son et al., 2000). 

Despite the relatively higher slope gradient and length of the forested 
hillslope, the surface soils of the vineyard were more susceptible to 
aggregate breakdown, sealing, compaction, drought, and erosion while 
undergoing intensive soil, SOC, and nutrient loss processes. Not only 
that, but the decline in soil quality also reached the subsoil. Taking all 
these into account, these high amounts of net soil erosion in the vineyard 
can give rise to off-site impacts of soil erosion, including downstream 
sediment deposition in fields, floodplains, and water bodies, where 
suspended sediments reduce water quality (Verstraeten and Poesen, 
2000). The situation is expected to worsen under future climate change 
conditions, so much so that rills and gullies will be formed as a result of 
erosion. Among all measured physicochemical properties, PS had the 
highest H-value of the Kruskal–Wallis test (9.44), thus considered to be 
the most sensitive element to land-use change. More precisely, PS was 
proven to be a powerful tool for studying soil aggregate stability and 
quality, being cost-effective and less labor intense. Overall converting 
forests to vineyards caused soil quality to deteriorate, which will likely 
impact soil productivity and food security and, more importantly, affect 
the water quality of the lake and greenhouse gas emissions. 
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